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A B S T R A C T

No-take reserves constitute one tool to improve conservation of marine ecosystems, yet

criteria for their placement, size, and arrangement remain uncertain. Representation of

biodiversity is necessary in reserve planning, but will ultimately fail for conservation

unless factors affecting species’ persistence are also incorporated. This study presents

an empirical example of the divergent relationships among multiple metrics used to

quantify a site’s conservation value, including those that address representation (habitat

type, species richness, species diversity), and others that address ecological processes

and viability (density and reproductive capacity of a keystone species, in this case, the

black chiton, Katharina tunicata). We characterized 10 rocky intertidal sites across two

habitats in Barkley Sound, British Columbia, Canada, according to these site metrics.

High-richness and high-production sites for K. tunicata were present in both habitat

types, but high richness and high-production sites did not overlap. Across sites, species

richness ranged from 29 to 46, and adult K. tunicata varied from 6 to 22 individuals m�2.

Adult density was negatively correlated with species richness, a pattern that likely occurs

due to post-recruitment growth and survival because no correlation was evident with

non-reproductive juveniles. Sites with high adult density also contributed disproportion-

ately greater potential reproductive output (PRO), defined by total gonad mass. PRO var-

ied by a factor of five across sites and was also negatively correlated with species

richness. Compromise or relative weighting would be necessary to select valuable sites

for conservation because of inherent contradictions among some reserve selection crite-

ria. We suspect that this inconsistency among site metrics will occur more generally in

other ecosystems and emphasize the importance of population viability of strongly inter-

acting species.

� 2005 Elsevier Ltd. All rights reserved.
1. Introduction

There is little doubt that reserves are an important tool for

conservation, both on land (Soulé, 1991; Margules and Pres-

sey, 2000) and in the sea (Allison et al., 1998; National Re-

search Council, 2001; Pauly et al., 2002). Ultimately, their

purpose is to ensure the persistence of biodiversity and the
er Ltd. All rights reserved

; fax: +1 206 616 2011.
du (A.K. Salomon).
ecological processes that maintain it. Consequently, reserves

implicitly reflect an ecosystem approach to conservation. Yet,

the degree to which reserves are able to achieve this larger

objective depends on how well they meet two goals: (1) repre-

sentation, their ability to capture the full extent of biodiver-

sity, and (2) persistence, the extent to which they support

the long-term survival of species (Margules and Pressey,
.
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2000). Achieving these conservation goals is a three-step pro-

cess. First, explicit objectives must be established and candi-

date reserve sites must be characterized according to their

conservation value. Then, some method is used to select

among sites given their value in reaching a predetermined

set of conservation targets (Possingham et al., 2000). Design

issues such as size, connectivity, and replication are also con-

sidered during this step. Finally, enforcement and monitoring

are necessary to operationalize plans and test their effective-

ness. Throughout, a typical set of limitations plague the re-

serve planning process: scarce funds, restricted knowledge,

urgency for action, plus a plethora of conservation targets

(Prendergast et al., 1999). In this paper we explore the first

step in this process and the relationship among multiple met-

rics used to characterize the conservation value of candidate

reserve sites, namely species richness, species diversity, hab-

itat type and the viability of a keystone species. With an

empirical example, we show that a site’s conservation value

differs according to which metric is considered. This is partic-

ularly problematic for reserve design because metrics rele-

vant to population viability, particularly of strongly

interacting species responsible for driving ecological pro-

cesses and maintaining diversity (Paine, 1969; Power et al.,

1996), tend to be difficult to collect and are often neglected

in most reserve planning efforts.

The goal of representation has traditionally been given pri-

macy in conservation plans (Pressey et al., 1993; Araújo and

Williams, 2000), primarily because the metrics used to value

a candidate site’s contribution to this static goal are more eas-

ily obtained than those that describe a site’s contribution to

the dynamics of regional persistence (Williams, 1998; Cabeza

and Moilanen, 2001). Species richness, a snapshot of species

presence or absence, is the typical site metric considered by

selection algorithms designed to optimize conservation tar-

gets related to representation (Prendergast et al., 1999),

although biological or physical surrogates, such as habitat het-

erogeneity, are used when species data are unavailable or

incomplete (Wessels et al., 1999). However, selecting sites that

contain the greatest number of species is not the most effi-

cient way to maximally represent biodiversity (Pimm and

Lawton, 1998; Reid, 1998). Rather, conservation efficiency is

achieved by maximizing complementarity, the smallest set

of sites with the greatest combined coverage of species pres-

ence (Kirkpatrick, 1983; Pressey et al., 1993; Williams et al.,

1996; Csuti et al., 1997; Kati et al., 2004). This is because the dis-

tributions of rare species are not always strongly nested within

the distribution of more widespread species (Prendergast

et al., 1993; Curnutt et al., 1994; Williams et al., 1996) and spe-

cies richness of a particular taxon is seldom closely correlated

with richness of all taxa (Lombard et al., 1995; Dobson et al.,

1997; Howard et al., 1998; Andelman and Fagan, 2000; Tognelli,

2005), although these relationships are highly scale dependent

(Prendergast et al., 1993; Curnutt et al., 1994; Vanderklift et al.,

1998; Warman et al., 2004). Thus, the value of species-rich sites

hinges on nestedness, that is, the extent to which species-

poor sites contain subsets of species found in species-rich

sites. Other metrics used to value potential reserve sites with-

in the context of achieving representation include species

diversity, rarity, endemism, habitat type and irreplaceability;

the likelihood that a site will need to be protected to ensure
a regional conservation target is met (Pressey et al., 1993; Pres-

sey, 1994; Ferrier et al., 2000; Tsuji and Tsubaki, 2004). How-

ever, it has become increasingly apparent that focusing on

the representation of biodiversity does not guarantee the per-

sistence of viable populations or the protection of ecological

processes that maintain biodiversity (Smith et al., 1993; Araújo

and Williams, 2000; Williams and Araújo, 2000; Cabeza and

Moilanen, 2001; Araújo et al., 2002; Kareiva and Marvier, 2003).

Although the literature on conservation planning has long

recognized the importance of viability (Margules et al., 1994;

Williams et al., 1996; Margules and Pressey, 2000; Possingham

et al., 2000), up until recently it had rarely been addressed in

the site valuation process or applied site selection methods

(Cabeza and Moilanen, 2001; Araújo et al., 2002). Fortunately,

new ways of valuing sites are now being developed to account

for population persistence. For instance, reserve planners

have implicitly acknowledged the role of population dynam-

ics in the placement of reserves by considering the proximity

of a site relative to other potential reserve sites, with the

intention of reducing reserve edge effects (Nicholls and Mar-

gules, 1993; Lombard et al., 1997; Leslie et al., 2003). Probabil-

ities of species occurrences have been used to determine site

quality (Cabeza et al., 2004) and, in other cases, have been

transformed into estimates of persistence using information

on expected threats and species vulnerability (Araújo and

Williams, 2000; Williams and Araújo, 2000; Araújo et al.,

2002). Areas of high population density, deemed more likely

to contribute to a species’ regional persistence than areas of

low density, have also been used to reflect high quality habitat

(Winston and Angermeier, 1995; Rodrigues et al., 2000). How-

ever, the theory of source–sink dynamics implies that popula-

tion density is not necessarily a good indicator of site quality,

since populations at high density may nevertheless be sink

populations that would inevitably decline without migrants

from source populations elsewhere (Pulliam, 1988).

Within a reserve, the persistence of populations is highly

influenced by the dispersal ability of: (1) adult organisms

the reserve is intended to protect (Zeller and Russ, 1998; Kra-

mer and Chapman, 1999; Walters, 2000; Salomon et al., 2002;

Parsons et al., 2003), (2) their offspring (Carr and Reed, 1993),

and (3) their predators (including human harvesters) both in-

side and outside of the reserve (Walters, 2000; Salomon et al.,

2002). In marine systems, larval production, retention and

connectivity will all affect the population-level consequences

of a reserve network (Carr and Reed, 1993; Dugan and Davis,

1993; Quinn et al., 1993; Roberts, 1997; Palumbi, 1999). Of

course, population viability also depends on the protection

of vulnerable life history stages (Johannes, 1998; Roberts,

1998; Warner and Swearer, 2000), the degree of human and

natural threat (Pressey et al., 2004) and the maintenance of

essential linkages to other ecosystems (i.e. trophic subsidies)

(Bustamante et al., 1995; Roberts et al., 2003a). These various

aspects of population persistence should be considered in

both marine and terrestrial reserve design.

Marine and terrestrial reserve site selection and design

theory has developed along markedly different paths, largely

due to the unique ecological traits of these systems (i.e. open

vs. closed populations) (Steele, 1985; Carr et al., 2003), the ma-

jor conservation threats facing each system (Wilcove et al.,

1998; Palumbi, 2002), and divergent conservation objectives
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and expectations (Carr and Reed, 1993; Carr et al., 2003). Ter-

restrial reserve design has traditionally focused on the repre-

sentation of biodiversity (through complementary sites) to

address habitat loss, the major cause of endangerment in ter-

restrial systems (Wilcove et al., 1998). In contrast, because

marine reserves (a.k.a. harvest refugia) are often designed

as fisheries management tools, design theory has focused

on protecting the persistence of spawning stock biomass

within a reserve network while increasing production in adja-

cent fished areas via spillover (of both adults and larvae) that

can then be fished (Auster and Malatesta, 1995; Bohnsack,

1996; Allison et al., 1998). Consequently, marine reserve net-

work design has primarily addressed the population dynam-

ics of individual species (for review see Gerber et al., 2003),

although some multi-species, ecosystem-based models do

exist (Walters, 2000; Salomon et al., 2002; Micheli et al.,

2004). Thus, in antithesis to terrestrial reserve theory, popula-

tion viability, indicative of high quality habitat, has been used

more widely as a site metric for selecting marine reserve sites.

If populations in a reserve cannot sustain themselves, the re-

serve will serve neither fishery nor conservation objectives.

What remains unclear is how well metrics of persistence

overlap with more widely used, easily measured site charac-

teristics of representation, such as species richness.

A remaining challenge is to design reserves (and manage

unprotected matrix habitats) in ways that protect the ecosys-

tem processes that maintain diversity. It is now widely under-

stood that the decline of strongly interactive species can have

ramifying changes on ecosystem dynamics and biodiversity

in both marine (Dayton et al., 1995; Botsford et al., 1997; Fo-

garty and Murawski, 1998; Jackson et al., 2001; Walters and

Kitchell, 2001; Dayton et al., 2002) and terrestrial systems (Ter-

borgh et al., 1999; Oksanen and Oksanen, 2000; Schmitz et al.,

2000). Indeed, the argument has been made that human im-

pacts are best addressed through the conservation of ecolog-

ical interactions, rather than species per se. The former

emphasizes the persistence of strongly interacting species

that drive system dynamics (Soulé et al., 2003, 2005). While

an emphasis on interactions accords with ecosystem-based

management (Pikitch et al., 2004), it starkly contrasts with

valuing sites purely on species presence or absence which

may not include strongly interacting species at functional

densities and implies that species’ identity is immaterial.

Such an omission is worrisome given that the loss of species

interactions and their ecological functions may be more dire

than the loss of species themselves (Levin and Levin, 2002;

Soulé et al., 2003).

The objective of this research was to examine the degree

of overlap among metrics used to quantify a site’s conserva-

tion value in meeting the regional goals of biodiversity repre-

sentation and persistence. We characterized 10 sites by

species richness, nestedness, species diversity, habitat type

and the viability of a strongly interacting species, the black

chiton, Katharina tunicata. This keystone grazer is known to

regulate intertidal ecosystem dynamics in the Pacific North-

west and is directly exploited by humans in some coastal

areas. We focused on three population-level attributes that

contribute to population viability: density, size structure,

and potential reproductive output (PRO). Therefore, we were

able to address a subpopulation’s potential contribution to
K. tunicata’s regional larval pool. We hypothesized that site

valuation would be complicated by the addition of a metric

that reflects site dynamics, namely the production of a

strongly interacting species, to more common site metrics

of species richness and habitat type. However, population via-

bility, particularly of species known to be primary drivers of

ecosystem dynamics, must be considered as an important

metric for valuing a site’s contribution to the persistence of

regional biodiversity.

2. Methods

2.1. Study area and species

This research was conducted at 10 rocky intertidal sites with-

in the Deer Group archipelago located in Barkley Sound, Brit-

ish Columbia, Canada (Fig. 1(a)–(c)). Each site consisted of one

side of a small island experiencing similar environmental

conditions. In Barkley Sound, predominant wind and ocean

swell originate from the northwest, creating a gradient of

wave exposure from west to east within the archipelago. Site

aspect plus adjacent seafloor topography dampened or mag-

nified the degree of wave exposure at each site. We expected

differences in wave exposure to influence intertidal species

richness and the performance of particular species (Dayton,

1971; Bustamante and Branch, 1996), in this empirical case,

the black chiton, K. tunicata.

K. tunicata is a dominant herbivore known to greatly

influence intertidal community structure in the Pacific

Northwest of Canada and the United States (Dethier and

Duggins, 1984; Dethier and Duggins, 1988; Paine, 1992; Mar-

kel and DeWreede, 1998; Paine, 2002). It is exploited as a sub-

sistence fishery by Native tribes in Alaska (Stanek, 1985; Fall

and Utermohle, 1999; Chugachmiut, 2000) and represents an

important component of some coastal native diets and cul-

tures along the west coast, although less so now in Barkley

Sound. K. tunicata consumes bladed macroalgae, articulated

coralline algae, epiphytic diatoms and small sessile benthic

invertebrates in the mid-low rocky intertidal zone (Dethier

and Duggins, 1984). In Washington, K. tunicata reportedly

has the highest per capita interaction strength among all

intertidal molluscan grazers (Paine, 1992). Perhaps most

importantly, this keystone grazer has been shown to funda-

mentally alter algal species composition, decrease algal spe-

cies diversity, and reduce algal productivity by an order of

magnitude (Paine, 2002).

Like many marine species, K. tunicata is a broadcast

spawner subject to metapopulation dynamics. Its larvae

are pelagic for approximately 6 days (Strathmann, 1987),

therefore, we presume that larvae recruiting to the Deer

Group Archipelago come from within Barkley Sound and/or

the west coast of Vancouver Island depending on the degree

of retention and the strength and direction of prevailing

ocean currents. K. tunicata is an ideal species to use to ex-

plore the relationship between local species richness, spe-

cies diversity, habitat, and the potential reproductive

output of a strongly interacting species because of its impor-

tant functional role in intertidal ecosystems and its propen-

sity to become locally depleted in areas where it is fished

(Salomon et al., 2004).



Fig. 1 – The Deer Group archipelago is located (a) on the west coast of Vancouver Island, British Columbia, Canada, (b) within

Barkley Sound. (c) Outer islands located to the southwest are more exposed than inner islands located to the northeast.

1 = Edward King Exposed, 2 = Edward King Sheltered, 3 = Seppings Exposed, 4 = Seppings Sheltered, 5 = Diana Sheltered,

6 = Diana Exposed, 7 = Helby Sheltered, 8 = Helby Exposed, 9 = Sanford Exposed, 10 = Sanford Sheltered.
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2.2. Site metrics addressing the representation of
biodiversity

2.2.1. Habitat type based on wave exposure
Habitat type was classified based on wave exposure, which

was quantified at each site using a maximum wave force re-

corder (Bell and Denny, 1994) that was deployed and revisited

up to three times per low tide series in August, September and

October 1999. On each visit, spring extensions were measured

to the nearest 0.5 mm and were reset. Spring extension data

collected in the field were then converted into maximum

wave force (Newtons) with calibration curves established

earlier in the lab. These data were used to confirm our classi-

fication of sites into two habitats, wave-exposed and semi-

protected. All 10 rocky intertidal sites included Hedophyllum

sessile, a brown alga indicative of suitable K. tunicata habitat

(Kozloff, 1973; O’Clair and O’Clair, 1998).

2.2.2. Species richness and diversity
To quantify intertidal species diversity, a 40 m long transect

line was placed horizontally to the shore in the middle of

the Hedophyllum sessile zone. The percent cover of all macro-

scopic invertebrates and algae was quantified within ten

0.0625 m2 quadrats randomly stratified along the transect

line. Each quadrat had 50 points randomly positioned on a

grid and organisms appearing under each point were re-

corded. To account for extensive species overlap and the

three-dimensional nature of the community, 3 distinct layers

were surveyed per quadrat: the canopy, understory and

substrate. The percent cover for each species was expressed

as a percentage of the number of points occupied over the to-

tal number of points. With 50 points per layer, each random
point occupied was equivalent to 2% cover. In 3 layers, the to-

tal number of points was 150; consequently, the total percent

cover possible in one quadrat was 300%. To account for spe-

cies rarity, any organism within the quadrat that was not

found directly below a random point was accounted for as

<1%. Species accumulation curves reached a plateau after

approximately eight quadrats across all 10 sites. Therefore,

a sample size of 10 quadrats adequately captured the species

diversity at each site. Site-specific species diversity was calcu-

lated with the Shannon–Wiener diversity index (H 0).

2.2.3. Analysis of species nestedness
The degree of species nestedness among sites was quanti-

fied to determine if low-richness sites contained subsets of

species found at high-richness sites. We used the ‘Nested-

ness Calculator’ software package (Atmar and Patter-

son, 1993) http://www.bvis.uic.edu/museum/science/science.

html) and the metric T to calculate the extent of nestedness

in our species by site data. T provides a standardized mea-

sure of matrix disorder by assessing the deviation of an ob-

served presence–absence matrix from one of the same rank

and fill that is perfectly nested. T equals the ratio of this sum

of squared deviations to its maximum value (estimated by

simulation), multiplied by 100. T ranges from 0�, a perfectly

nested matrix, to 100�, one that is completely disordered

and not nested. A Monte Carlo simulation, run with 500 iter-

ations, was used to estimate the statistical significance of

the observed matrix’s T value (i.e. the probability that a

nested distribution was randomly produced). The species

presence–absence matrix from which Twas estimated repre-

sented the full complement of species (n = 86), across all the

sites surveyed (n = 10).

http://www.bvis.uic.edu/museum/science/science.html
http://www.bvis.uic.edu/museum/science/science.html
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2.2.4. Analysis of community structure
Differences in the community structure among sites were ex-

plored with non-metric multidimensional scaling (NMDS), an

iterative optimization ordination method. The Sorensen

(Bray-Curtis) distance measure was used with PC-ORD ordina-

tion software (McCune and Grace, 2002). Only species existing

in more than 1 site among the 10 surveyed were considered in

this analysis, thereby reducing the total number of species in

this analysis from 86 to 62. Species data was arcsine-square root

transformed and multiplied by 2/p to rescale the data from 0 to

1. In a preliminary analysis, we used a Monte Carlo randomiza-

tion test to determine the dimensionality of the data. This test

was conducted with random starting points, 100 runs with real

data and 50 runs with randomized data. The final solution was

run with 500 iterations and a starting configuration determined

by the preliminary analysis. Final stability was examined by

plotting stress versus iteration number. The proportion of vari-

ance represented by each axis was based on the coefficient of

determination (r2) between Euclidean distances in ordination

space and Sorensen (Bray-Curtis) distances in original space.

A multi-response permutation procedure (MRPP), using

the Sorensen (Bray-Curtis) distance measure, was used to test

for differences in species assemblages between habitat types.

The chance-corrected within-group agreement statistic, A,

described within group homogeneity, compared to the ran-

dom expectation. Essentially, A is a measure of effect size,

independent of sample size. When all items are identical

within groups, the observed A = 1, the highest possible value

for A. If heterogeneity within groups equals expectations by

chance, A = 0 (McCune and Grace, 2002).

2.3. Site metric addressing the persistence of biodiversity

2.3.1. Population density and size structure
At each site, K. tunicata’s density and population size structure

were estimated using five 0.5 m wide bands that ran perpen-

dicular to the shoreline. Bands were randomly stratified along

a 40 m transect and spanned the entire Hedophyllum sessile

zone, where K. tunicata is found. Because each site had a

slightly different slope, the H. sessile zone width varied across

the 10 sites surveyed (low angle slopes have a larger expanse

of H. sessile habitat relative to high angle slopes). As a conse-

quence, the vertical band transects were not a set length

across all sites. The transects were terminated when densities

fell below 2 individuals per 0.25 m2 at the bottom of the H. ses-

sile zone; continued sampling never discovered higher-density

aggregations further down in the Laminaria zone. Bands were

divided into adjacent 0.25 m2 quadrats, within which we mea-

sured maximum body length for all individuals (nearest

0.5 cm). This vertical band sampling procedure was used to

account for variations in size-frequency distributions of K.

tunicata with respect to intertidal elevation (i.e., larger individ-

uals are found at lower intertidal elevations relative to smaller

individuals).

We compared size-frequency distributions of K. tunicata

among sites using Kolmogorov–Smirnov tests with sequential

Bonferroni adjustment for 45 pairwise comparisons among

the 10 sites (Sokal and Rohlf, 1969). To do this, all bands were

combined at a site. Bands were used as replicates to calculate

site-specific density and potential reproductive output.
2.3.2. Potential reproductive output
We examined site- and size-specific differences in K. tunicata

reproduction by measuring gonad mass of 69 individuals. K.

tunicata were randomly collected from five sites of varying

exposure (Seppings Exposed, Seppings Sheltered, Helby Ex-

posed, Helby Sheltered, and Diana Exposed) in May 1999, just

prior to spawning season. The maximum body length of each

individual was measured (nearest 0.5 cm). After noting the

sex, we excised the gonads of each individual and weighed

them (nearest 0.01 g) after drying at 20 �C for 24 h. K. tunicata

smaller than 3.5 cm were not collected because individuals

below this length are not yet reproductive (Strathmann, 1987).

Gonad biomass was regressed against body length after

cube-root transforming gonad biomass to account for ex-

pected allometry of volume and length. Variations in the

length–fecundity relationship between sexes and among sites

were examined with ANCOVA, with length as the covariate.

Potential reproductive output (PRO) for each band was calcu-

lated by summing the expected gonad mass of all reproduc-

tive individuals, both male and female, and dividing by the

total area of the band. We tested for differences in PRO among

sites using a Kruskal–Wallis test, the non-parametric ana-

logue of ANOVA, because variances were heterogeneous.

2.4. Comparisons of sites metrics

Finally, the association between species richness, species

diversity, K. tunicata density and potential reproductive output

across all 10 sites was investigated in a correlation analysis

(Sokal and Rohlf, 1969). We also tested if species richness,

diversity, chiton density and productivity varied between ex-

posed and semi-protected habitats using two tailed t-tests

assuming equal variances. These data were tested for nor-

mality (Shapiro–Wilks) and homogeneity of variance (Bartlett

test) and all data met both criteria.

3. Results

3.1. Site metrics addressing the representation of
biodiversity

3.1.1. Habitat type based on wave exposure
In September, maximum wave force varied by more than an

order of magnitude from 2.3 Newtons (N) at Sanford Sheltered

to 31.2 N at Edward King Exposed. In October, measured wave

forces reached 104 N and must have been substantially higher

at two sites (Edward King Exposed, Sanford Exposed) that

were impossible to visit due to extreme ocean conditions. In

all months, wave force data confirmed our selection of

exposed and semi-sheltered sites because wave forces were

consistently higher at exposed sites, although the rank order

of sites within each category was variable from time to

time.

3.1.2. Species richness, diversity and nestedness among sites
A total of 86 algal and invertebrate species were documented

across the 10 sites surveyed. Species richness ranged from 29

to 46 species across sites (Table 1). Average species richness

was similar at wave-exposed (36.60 ± 2.62 SE, n = 5) and

semi-sheltered sites (41.80 ± 2.11 SE, n = 5, t = �1.55, p = 0.16).



Table 1 – Species richness per phyla across the 10 sites studied within the Deer Group Archipelago

Species group (phylum, class) EK E EK S Sep E Sep S Di E D I S Hel E Hel S San E San S

Sponges (Porifera, Demospongiae) 2 1 3 3 1 2 2 2 2 2

Ascidians (Urochordata, Ascidiacea) 3 2 3 3 0 2 0 0 0 1

Tube worms (Annelida, Polychaeta) 1 2 2 2 2 2 2 2 2 2

Bryozoans (Bryozoa) 2 1 2 1 1 2 0 0 0 2

Hydroids (Cnidaria, Hydrozoa) 1 0 1 0 0 1 0 0 0 0

Sea anemones (Cnidaria, Anthozoa) 2 1 1 1 1 2 1 1 2 1

Sea stars (Echinodermata, Asteroidea) 2 3 2 2 1 3 2 1 1 1

Sea cucumbers (Echinodermata, Holothuroidea) 0 0 0 1 0 0 0 0 0 0

Sea urchin (Echinodermata, Echinoidea) 1 0 1 1 0 1 0 0 1 0

Chitons (Mollusca, Polyplacophora) 4 5 4 5 4 4 4 3 3 3

Limpets (Mollusca, Gastropoda) 2 1 2 2 2 2 2 3 2 2

Snails (Mollusca, Gastropoda) 2 0 1 0 1 2 0 0 0 1

Sea slugs (Mollusca, Gastropoda) 0 0 1 0 0 1 0 0 0 1

Mussels (Mollusca, Bivalvia) 1 0 0 0 0 1 1 0 0 0

Barnacles (Crustacea, Cirripedia) 4 3 3 4 4 2 2 3 5 3

Brown algae (Phaeophyta) 4 5 2 2 4 2 3 3 5 5

Green algae (Chlorophyta) 2 3 1 3 1 1 1 3 1 3

Red algae (Rhodophyta) 11 15 11 12 11 15 9 12 13 18

Sea grass (Anthophyta, Zosteraceae) 0 0 0 0 0 0 0 1 0 1

Total 44 42 40 42 33 45 29 34 37 46
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Sites with highest species richness included the most pro-

tected (Sanford Sheltered, Diana Sheltered, Seppings Shel-

tered) and the most exposed sites (Edward King Exposed,

Sanford Exposed). Species diversity (H 0) did not vary across

habitats (Exposed H 0 = 2.46 ± 0.92 SE; Semi-sheltered

H 0 = 2.68 ± 0.13 SE) (n = 5, df = 8, t = �1.44, p = 0.19).

The 10 intertidal sites surveyed within the Deer Group

Archipelago in Barkley Sound are significantly nested

(T = 42.86, p = 7.39 · 10�5) suggesting that species poor sites

are subsets of species-rich sites (Fig. 2).

3.1.3. Analysis of community structure
After 50 randomized runs, the Monte Carlo test recom-

mended a two-dimensional solution to the community data

(Axis 1 p = 0.04, Axis 2 p = 0.04; where p = probability that a

similar final stress could have been obtained by chance). A

scree plot of final stress versus the number of dimensions

confirmed the Monte Carlo assessment of dimensionality.

The final solutions suggested that two major gradients cap-

tured the variance in algal and invertebrate communities

among sites. The first two dimensions contained 69.3% and

23.4% of the variance respectively (cumulative = 92.7%)

(Fig. 3). Higher dimensions improved the model very little.
Fig. 2 – This maximally packed species richness by site occurre

(1993) index of nestedness (T), indicates that the 10 intertidal s

Sound are significantly nested (T = 42.86, p = 7.39 · 10�5). This s

sites. The smooth line represents the line of perfect order. Note

analysis, 10 duplicate, fully filled columns were removed from
Stress dropped quickly and stabilized smoothly after 10 itera-

tions, indicating a stable final solution.

The multi-response permutation procedure (MRPP) sug-

gested that there was no significant difference in the algal

and invertebrate communities between the 5 wave-exposed

and 5 semi-exposed sites (A = 0.02, p = 0.20).

3.2. Site metrics which address the persistence of
biodiversity

3.2.1. Population density and size structure
Densities of adult K. tunicata (P3.5 cm long) varied signifi-

cantly among sites (n = 10, MS = 169.21, F9,40 = 8.82,

p = 3.71 · 10�7) and ranged from 6 to 22 individuals m�2

(Fig. 4). Total density, including new recruits, also varied sig-

nificantly among sites (n = 10, MS = 306.84, F9,40 = 7.06,

p = 4.94 · 10�6) and ranged from 9 to 32 total individuals m�2.

However, the density of adult K. tunicata was not signifi-

cantly correlated to the density of juvenile individuals

(n = 10, df = 8, Pearson’s Product r = 0.54, p = 0.10) and there

was no significant difference in adult density (n = 5, df = 8,

t = 1.10, p = 0.31) between wave-exposed and semi-sheltered

sites.
nce matrix, sorted as to minimize Atmar and Patterson’s

ites surveyed within the Deer Group Archipelago in Barkley

uggests that species poor sites are subsets of species-rich

: Although all 10 sites and all 86 species were used in this

the left hand side of the matrix.
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Size-frequency distributions of K. tunicata varied among

sites (Fig. 5). Generally, K. tunicata were smaller at wave-ex-

posed compared to semi-sheltered sites. However, after

sequential Bonferroni adjustment of paired Kolmogorov–

Smirnov tests only 10 out of the possible 45 pairwise compar-

isons encompassed subpopulations that were significantly

different in size-frequency from each other. The size-fre-

quency of Edward King Sheltered was significantly different

from all of the other sites except for Sanford Sheltered and

the size-frequency distribution of Helby Sheltered was signif-

icantly different from that of both Seppings Exposed and
Sanford Exposed. Individuals greater than 8.5 cm were found

only at Edward King Sheltered.
3.2.2. Potential reproductive output
Gonad dry weight increased significantly with K. tunicata body

length, according to the following length–fecundity

relationship:
ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
Gonad dry weight3

q
¼ 0:101 � ðLengthÞ � 0:096;

(n = 69, R2 = 0.53, p = 1.07 · 10�12; Fig. 6). This relationship did

not vary among sites or between sexes (Table 2). Although

the potential reproductive output (PRO) of K. tunicata popula-

tions varied by a factor of 4 among sites (n = 10, df = 9,

KS = 26.22, p = 0.002), PRO did not vary significantly among

wave-exposed and semi-sheltered sites (n = 5, df = 8,

t = �0.08, p = 0.94). The data required to calculate PRO, includ-

ing both size structure and gonad mass, were substantially

more detailed than that required to calculate density. How-

ever, this additional effort provided new insight into chiton

performance across sites, because total density was not a suf-

ficient indicator of PRO.
3.3. Relationships among site metrics

Species richness and density of adult K. tunicata were signifi-

cantly negatively correlated across sites (n = 10, df = 8, Pear-

son’s Product r = �0.85, p = 0.002) (Fig. 7(a)). Similarly, species

richness and the potential reproductive output (PRO) of K.

tunicata were significantly negatively correlated across sites

(n = 10, df = 8, Pearson’s Product r = �0.65, p = 0.04) (Fig. 7(b)).

An inverse relationship also existed between species diversity

(H 0) and PRO but was not significant (n = 10, df = 8, Pearson’s

Product r = �0.33, p = 0.36), as enhanced richness was due to

the presence of additional rare species. At the most species

poor site, K. tunicata’s estimated gonad mass per area was

greater by a factor of 3.5 relative to the most speciose site that

encompassed 50% more species. However, species richness

and density of non-reproductive juvenile individuals, includ-

ing new recruits, were not correlated (n = 10, df = 8, Pearson’s

Product r = �0.53, p = 0.12) (Fig. 7(c)). When regressed against

species richness, the density of reproductive K. tunicata ac-

counted for 73% of the variance (n = 10, R2 = 0.73, p = 0.002).

4. Discussion

4.1. Multiple criteria to characterize candidate reserve
sites

Across the rocky intertidal sites surveyed, species richness,

diversity and community structure were consistent between

wave-exposed and semi-protected habitat types (Fig. 3), sug-

gesting that the annual magnitude of difference in wave

exposure between these two habitat types was relatively

slight. However, species-rich sites experiencing higher wave

exposure contained additional invertebrate species, whereas

semi-protected sites contained additional algal species (Table

1). Species at low-richness sites were a nested subset of those

at higher richness sites (Fig. 2), in contrast to other studies

done at larger spatial scales in which distinct species appear
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at low-richness sites (Prendergast et al., 1993; Curnutt et al.,

1994; Williams et al., 1996). Consequently, at this scale, habi-

tat type, species richness and species diversity, three widely

used metrics of site quality, were coincident: valuable sites

for protection encompassed high-richness and high-diversity

sites in each habitat.

In contrast, site metrics addressing persistence were not

consistent with metrics emphasizing representation. Instead,

the density of reproductive K. tunicata and their estimated

reproductive output were significantly negatively correlated

with intertidal species richness (Fig. 7(a) and (b)). A reserve

network developed for species-rich sites would consequently

be expected to provide the worst protection for this strongly

interacting species. In contrast to adult density, juvenile

K. tunicata density did not vary systematically with species

richness (Fig. 7(c)). Thus, spatial variation in adult density
and reproductive output does not appear to derive from initial

differences in recruitment. Rather, those sites where K. tuni-

cata grow and survive well generate populations of abundant

adults (moderate densities of large individuals or high densi-

ties of medium individuals).

Two possible mechanisms generate the negative relation-

ship between the abundance of this strongly interacting spe-

cies and total species richness. Either K. tunicata may itself

reduce species richness, or some external factor(s) may influ-

ence K. tunicata in a manner opposite to its effects on other

species. K. tunicata is well-known to reduce algal density

and diversity and shift species composition (Duggins and De-

thier, 1985; Paine, 1992). Indeed, in our data, the density of

reproductive K. tunicata explained 70% of variation in species

richness among sites. However, grazing impacts on species

richness remain to be studied explicitly in Barkley Sound.
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Table 2 – Analysis of covariance of Katharina tunicata’s
gonad mass cube root transformed at five sites of varying
wave exposure and population density within the Deer
Group Archipelago

Source Sum-of-squares df F-ratio P value

Site 0.154 4 2.415 0.059

Sex 0.012 1 0.767 0.385

Site · Sex 0.151 4 2.363 0.064

Length 1.426 1 89.441 2.225 · 10�11
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We propose that a combination of grazing impacts and

wave exposure may contribute to the negative correlation be-

tween adult K. tunicata and species richness in Barkley Sound.

The gradient in species richness across semi-sheltered sites

was driven primarily by changes in algal richness. At shel-

tered sites where K. tunicata densities were low, possibly exist-

ing at an ecological range edge (ex: Sanford Sheltered), higher

algal species richness occurred, likely due to a release from K.

tunicata grazing pressure. The removal of K. tunicata in the

neighboring US state of Washington caused localized in-

creases in macroalgal canopy cover (Dethier and Duggins,

1984), sporeling density (Paine, 1992), biomass, and species

richness (Duggins and Dethier, 1985; Paine, 1992; Paine,

2002). Lower densities of K. tunicata at the sites would lead

to lower site-specific PRO values.

At wave-exposed sites, high invertebrate species richness

occurred where zonation was blurred and species were iden-

tified that were ordinarily found in higher or lower neighbor-

ing intertidal zones. Within the Hedophyllum sessile zone at

Edward King Exposed and Seppings Exposed, we recorded

species such as Nucella canaliculata, Pollicipes polymerus,

Chthamalus dalli, Balanus glandula and Mytilus californianus,

characteristic of higher zones, and Balanus nubilus, Phidiana

crassicornis, and Aplidium spp., characteristic of lower zones.
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At these same sites, PRO values were low due to few large K.

tunicata (Fig. 7(b)). Larger individuals may be more likely dis-

lodged than smaller individuals at wave exposed sites simply

due to hydrodynamic forces that set a mechanical limit to

body size (Denny et al., 1985).

4.2. Species richness vs. population persistence

It is not clear if the challenge posed to conservation by K. tuni-

cata is shared by other intertidal species, let alone species in

different habitats. Ecological theory suggests that high diver-

sity may occur where coexistence is promoted by intermedi-

ate levels of disturbance (Connell, 1978) or heterogeneity

(e.g. ecotones). These mechanisms could lead to a more gen-

eral inverse relationship between viability and richness. Con-

sider a case in which areas of high species richness are

generated by the coincidence of many marginal populations

(Araújo and Williams, 2001) because richness rises where

range edges overlap (Odum, 1971). Here, peripheral popula-

tions existing in inferior quality habitat at lower densities

may be more prone to demographic stochasticity and less

resilient to extrinsic perturbations than are core populations

(Brown, 1984; Caughley et al., 1988; Lawton, 1995; Curnutt

et al., 1996). Under these circumstances, species-rich sites

may encompass populations whose likelihood of persistence

is low. Our results at wave-exposed sites, where intertidal

ranges appeared to expand, thereby increasing richness

where K. tunicata performed least well, may be an example

of this phenomenon.

Food web theory also provides a potential mechanism for

why high richness and poor performance of particular spe-

cies might be associated. If the particular species is a con-

sumer, but site richness is largely based on its prey, then

prey species may remain uneaten only where the consumer

is rare. Herbivores have been shown to reduce plant diver-

sity in a broad range of studies under unenriched conditions

(Proulx and Mazumder, 1998), and K. tunicata at semi-pro-

tected sites also provides circumstantial evidence. Under

this scenario, maximizing representation of species may be

at odds with conserving ecologically important consumers.

Ultimately, the relationship between species richness and

population persistence likely depends on the mechanisms

driving species richness and the scale at which they are

operating.

4.3. Challenges of measuring population viability

Many conservation biologists now recognize the need to de-

sign reserve networks (in combination with other conserva-

tion tools) in which species have high probabilities of

persisting (Margules and Pressey, 2000; Roberts et al.,

2003b). Otherwise, reserves only briefly encompass desirable

structures and functions of ecosystems. Indeed, reserve de-

signs based simply on the representation of biodiversity

have been shown to fail in their protection of species (Rodri-

gues et al., 2000), and designs that incorporate metrics of

viability often differ substantially from those addressing

only representation (Cabeza and Moilanen, 2001; Araújo

et al., 2002; Cabeza and Moilanen, 2003; Cabeza et al.,

2004). However, this dynamic perspective is difficult to
achieve in practice because spatiallyexplicit demography re-

quires more effort to measure than the spatial distribution

of a species.

We used gonad mass per area as an index of potential

reproductive output despite the fact that little is known about

the relationship between gonad mass and larval production.

Clearly, the proximity and behaviour of conspecifics and local

fluid dynamics may significantly affect individual fertilization

success (Allee, 1938; Denny and Shibata, 1989; Levitan, 1991).

Furthermore, high larval output from a site does not guaran-

tee that these larvae will recruit successfully and contribute

to metapopulation persistence. Indeed, the connections

among subpopulations in marine organisms with planktonic

dispersal are just beginning to be explored (Gillanders and

Kingsford, 1996; Jones et al., 1999; Swearer et al., 1999; Warner

and Swearer, 2000; Gillanders, 2002; Swearer et al., 2002). Even

if sites that contribute disproportionately to regional recruit-

ment (population sources) could be identified, these may

not remain consistent among years due to variable tides,

winds, and currents.

The difficulty of linking PRO to population persistence is

compounded because PRO is influenced by density, which

integrates both recruitment and post-recruitment processes.

Populations with high PRO might be able to persist in a lone

reserve if recruitment occurs locally. However, consider the

opposite extreme case: if recruitment derived wholly from

outside the site, protecting only a site with high PRO would

lead to inevitable declines because that site would not be

self-sustaining (population sink) (Pulliam, 1988). For in-

stance, high recruitment of K. tunicata in our data does

not necessarily coincide with areas that are apparently good

for growth and survival. Implicitly in this case, valuable

sites for conservation of K. tunicata occur where those indi-

viduals that arrive are relatively likely to contribute to fu-

ture generations. This conclusion has interesting parallels

to rules of thumb to protect spawning aggregations where

successful adults gather to breed (Johannes, 1998; Roberts,

1998).

An unsatisfactory alternative is to measure only density to

designate sites according to their contribution to viability

(although this has been done to good effect in some cases;

(Winston and Angermeier, 1995; Rodrigues et al., 2000)). Due

to source–sink dynamics, the abundance of a species may

not be sufficiently informative about how each site contrib-

utes to population persistence (Van Horne, 1983; Paine, 1994)

(Fig. 7(c)). Instead, demographic information for species

across sites may be necessary to evaluate site quality (Van

Horne, 1983; Rogers-Bennett et al., 2002). Our metric of PRO,

based on size structure and density, is a first approximation

of site-to-site variation in K. tunicata production.

4.4. Implications for marine reserve site selection

To achieve conservation goals through a network of re-

serves, the first step is to evaluate potential sites. Regard-

less of which site selection algorithm is later applied, the

outcome clearly depends on which site characteristics are

considered, and how the algorithm accounts for conflicting

metrics (Rodrigues et al., 2000). Our empirical example from

rocky intertidal sites demonstrates that sites appear to have
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different qualities for conservation depending on which

metrics are considered.

Although counterintuitive, selecting sites to encompass

the most species may not always be the optimal way to con-

serve biodiversity. This is simply because the representation

of species does not guarantee the persistence of all species

a reserve is intended to protect, nor does it guarantee the pro-

tection of ecosystem processes responsible for maintaining

species richness. If the primary objective of a marine reserve

or network of marine reserves is to ensure the persistence of

ecosystem dynamics and/or maintain productive populations

of a harvestable species, the ecological mechanisms neces-

sary to promote and preserve natural dynamics must be pro-

tected. A few recent examples show that it can be done

(Araújo and Williams, 2000; Williams and Araújo, 2000; Araújo

et al., 2002; Cabeza et al., 2004). Exceptional site evaluation

frameworks address multiple ecological criteria: critical spe-

cies interactions, links among ecosystems, vulnerable life

stages, behavioral characteristics, and rates of propagule pro-

duction, retention and connectivity (Roberts et al., 2003a; Rob-

erts et al., 2003b).

The third step in reserve design, implementation and

monitoring, is arguably the most important, as its absence

cripples both good and bad planning processes. Because of

the difficulty of gathering data on all relevant site characteris-

tics, reserves may need to be established in an explicitly

adaptive context, in which new knowledge on source–sink

dynamics or species interactions emerges from management

(Walters, 1986; Carpenter and Gunderson, 2001). Although

here we focus on ecological criteria for siting reserves, it is

our sense that the involvement of stakeholders in the reserve

planning process from its inception is a critical element for

the successful implementation of reserve networks (Salomon

et al., 2001; Airamé et al., 2003; Roberts et al., 2003a; Roberts

et al., 2003b).

This case study indicates that a single strongly interacting

species would be least well protected in reserves selected to

maximize species richness. We do not know if this relation-

ship is general, although others have found non-overlapping

patterns of diversity and centers of density (Winston and

Angermeier, 1995; Araújo and Williams, 2001). Of course, mul-

tiple objectives must be balanced simultaneously and effec-

tive conservation could not be achieved if only a single

species’ performance was considered. This research suggests

that conservation biologists and protected area managers

may find it challenging to maintain viable populations in re-

serves designed to represent biodiversity efficiently. In the

end, our conservation success will be judged on the persis-

tence of populations and ecosystem processes, rather than

the short-term symbolic collection of species in a few small

areas.
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Soulé, M.E., Estes, J.A., Berger, J., Del Rio, C.M., 2003. Ecological
effectiveness: Conservation goals for interactive species.
Conservation Biology 17, 1238–1250.



92 B I O L O G I C A L C O N S E R VAT I O N 1 2 8 ( 2 0 0 6 ) 7 9 –9 2
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