
2343

Environmental Toxicology and Chemistry, Vol. 23, No. 10, pp. 2343–2355, 2004
q 2004 SETAC

Printed in the USA
0730-7268/04 $12.00 1 .00

Special Issue Honoring Don Mackay

A FOOD WEB BIOACCUMULATION MODEL FOR ORGANIC CHEMICALS IN
AQUATIC ECOSYSTEMS

JON A. ARNOT and FRANK A.P.C. GOBAS*
School of Resource and Environmental Management, Simon Fraser University, 8888 University Drive, Barnaby, BC V5A 1S6, Canada

(Received 31 July 2003; Accepted 21 January 2004)

Abstract—The present study examines a new bioaccumulation model for hydrophobic organic chemicals in aquatic food webs.
The purpose of the model is to provide site-specific estimates of chemical concentrations and associated bioconcentration factors,
bioaccumulation factors, and biota–sediment accumulation factors in organisms of aquatic food webs using a limited number of
chemical, organism, and site-specific data inputs. The model is a modification of a previous model and incorporates new insights
regarding the mechanism of bioaccumulation derived from laboratory experiments and field studies as well as improvements in
model parameterization. The new elements of the model include: A model for the partitioning of chemicals into organisms; kinetic
models for predicting chemical concentrations in algae, phytoplankton, and zooplankton; new allometric relationships for predicting
gill ventilation rates in a wide range of aquatic species; and a mechanistic model for predicting gastrointestinal magnification of
organic chemicals in a range of species. Model performance is evaluated using empirical data from three different freshwater
ecosystems involving 1,019 observations for 35 species and 64 chemicals. The effects of each modification on the model’s per-
formance are illustrated. The new model is able to provide better estimates of bioaccumulation factors in comparison to the previous
food web bioaccumulation model while the model input requirements remain largely unchanged.

Keywords—Bioaccumulation Bioaccumulation factor Biota–sediment accumulation factor Screening level risk
assessment Aquatic ecosystem

INTRODUCTION

Bioaccumulation is a fundamental process in environmental
toxicology and risk assessment, because it controls the internal
dose of potential toxicants [1]. Information regarding chemical
accumulation is important in determining environmental-qual-
ity guidelines, establishing total maximum daily loadings, cat-
egorizing substances that are potential hazards, and quanti-
fying the risk of chemicals on ecosystems and human health
[2–5] (http://laws.justice.gc.ca/en/C-15.31). Typical measures
for assessing bioaccumulation include the octanol–water par-
tition coefficient (KOW), bioconcentration factor (BCF), bio-
accumulation factor (BAF), and biota–sediment accumulation
factor (BSAF). These can be obtained from empirical mea-
surements and from mathematical models. Empirical infor-
mation is often preferable, but models are also quite useful,
particularly when empirical measurements do not exist or can-
not be made for either technical or economic reasons.

A number of useful bioaccumulation models have been
proposed. The earliest dealt with bioaccumulation from the
water (or bioconcentration). Based on the studies of Hamelink
et al. [6], simple equilibrium partitioning models (i.e., log KOW

2 log BCF models) were put forward by Neely et al. [7] and
Veith et al. [8], followed by many others for species ranging
from phytoplankton to fish. Then came simple two-compart-
ment (i.e., organism–water) kinetic models (see, e.g., [9]) that
described the exchange of chemicals between organisms and
water. The introduction of a fugacity-based bioconcentration
model by Mackay [10] established a solid theoretical footing
for these bioconcentration models, which further evolved in
several directions. Physiological models were developed by
Barber et al. [11,12]. Physiologically based pharmacokinetic
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(PBPK) models for bioconcentration in fish were developed
by Nichols et al. [13], Law et al. [14], and others. Kinetic
models were pursued by several authors [15–17], and fugacity-
based descriptions of the bioconcentration process were refined
by Gobas and Mackay [18]. Recognition of the role of dietary
uptake and biomagnification in the bioaccumulation of hydro-
phobic organic contaminants (HOCs) resulted from the studies
of Bruggeman et al. [19], Connolly and Pedersen [20], Muir
and Yarechewski [21], and several others (see, e.g., [22]) as
well as from the models of Norstrom et al. [23]. Several bio-
accumulation models for fish that include both dietary and gill
uptake were developed (see, e.g., [24,25]), and Mackay and
coworkers produced theoretical formulations of these pro-
cesses [26]. At the same time, the exchange of chemicals be-
tween sediments and benthic invertebrates became better un-
derstood [27,28]. This work resulted in a number of models,
ranging from simple equilibrium partitioning [29–32] to more
detailed kinetic models [33,34]. Bioaccumulation of HOCs in
phytoplankton was studied by Geyer et al. [35], Swackhamer
and Skoglund [36–38], and several other investigators (see,
e.g., [39–41]).

The enormous progress made since Hamelink’s PhD work
has cleared the way for a generation of models with the ability
to track the movement of chemicals through aquatic food webs
and to estimate BAFs and BSAFs under actual environmental
conditions. Several food web models have emerged. Thomann
and colleagues [42,43] as well as Gobas [44] have developed
kinetic food web models, whereas Campfens and Mackay [45]
have developed a fugacity-based food web bioaccumulation
model. These food web models combine the work of many
investigators. It is to the credit of all those who have studied—
and who continue to study—uptake and bioaccumulation that
these models are increasingly used by regulators, engineers,
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Fig. 1. A conceptual diagram representing the major routes of chemical
uptake and elimination in an aquatic organism. kD 5 dietary uptake
rate constant; k1 5 gill uptake rate constant; k2 5 gill elimination rate
constant; kM 5 metabolic transformation rate constant; kE 5 fecal
egestion rate constant; kG 5 growth dilution rate constant.

and toxicologists to conduct a range of activities. For example,
bioaccumulation models are being used to screen new and
existing chemicals for their potential to bioaccumulate [46],
to develop water- and sediment-quality criteria [29,32,47], to
develop total maximum daily loadings and remediation targets
for impacted aquatic ecosystems [48], to assess the exposure
of biota affected by pollution sources [49], and to determine
the responsiveness to cleanup efforts [50,51].

The purpose of the present study is to examine another step
in the evolution of bioaccumulation models. This paper pre-
sents new formulations of the bioaccumulation of HOCs in
aquatic food webs resulting from insights obtained during re-
cent laboratory experiments [52,53], analyses of field data
[37,54], and improvements in data availability for model pa-
rameterization [55]. The food web model is presented in rate
constant format for assessing the bioaccumulation of HOCs
in aquatic ecosystems. The model is limited to species of aquat-
ic macrophytes, algae, phytoplankton, zooplankton, inverte-
brates, and fish of different trophic levels. The purpose of the
model is to provide site-specific estimates of chemical con-
centrations and associated BCFs, BAFs, and BSAFs. The mod-
el is a modified version of the 1993 Gobas food web model
[44]. Four fundamental elements that differ from the original
model include a new model for the partitioning of chemicals
into organisms, a new kinetic model for predicting chemical
concentrations in algae and phytoplankton, new allometric re-
lationships for predicting gill ventilation rates in a wide range
of aquatic species, and a new mechanistic model for predicting
gastrointestinal magnification of organic chemicals. The model
performance is evaluated with external empirical data from
three different freshwater ecosystems involving 1,019 obser-
vations for 35 species and 64 chemicals. The effects of the
modifications on the model are illustrated by comparing the
performance of the revised model to that of the 1993 food web
bioaccumulation model.

THEORY

General model

Figure 1 provides a conceptual overview of major routes
of chemical uptake and elimination in aquatic organisms. Our
model is based on the presumption that the exchange of non-
ionic organic chemicals between the organism and its ambient
environment can be described by a single equation for a large
number of aquatic organisms:

dM /dt 5 W · k · [m ·f ·C 1 m ·C ]1B B 1 O WT,O P WD,S5
1 k · (P ·C )O 2D i D,i 6

2 (k 1 k 1 k ) ·M (1)2 E M B

where MB is the mass (g) of chemical in the organism, dMB/
dt is the net flux of parent chemical being absorbed or dep-
urated by the organism at any point in time t (d), WB is the
weight of the organism (kg) at time t, k1 is the clearance rate
constant (L/kg · d) for chemical uptake via the respiratory area
(i.e., gills and skin), mO is the fraction of the respiratory ven-
tilation that involves overlying water, mP is the fraction of the
respiratory ventilation that involves sediment-associated pore
water, f (unitless) is the fraction of the total chemical con-
centration in the overlying water that is freely dissolved and
can be absorbed via membrane diffusion, CWT,O is the total
chemical concentration in the water column above the sedi-
ments (g/L), CWD,S is the freely dissolved chemical concentra-
tion in the sediment associated pore (or interstitial) water (g/
L), kD is the clearance rate constant (kg/kg · d) for chemical
uptake via ingestion of food and water, Pi is the fraction of
the diet consisting of prey item i, CD,i is the concentration of
chemical (g/kg) in prey item i, k2 is the rate constant (d21) for
chemical elimination via the respiratory area (i.e., gills and
skin), kE is the rate constant (d21) for chemical elimination via
excretion into egested feces, and kM is the rate constant (d21)
for metabolic transformation of the chemical. For phytoplank-
ton, algae, and macrophytes, kD is zero, and kE is considered
to be insignificant.

This model is based on several key assumptions. First, it
is assumed that the chemical is homogeneously distributed
within the organism as long as differences in tissue compo-
sition and phase partitioning are taken into account. Consid-
erable evidence, especially for poorly metabolizable substanc-
es after long exposure periods, supports this assumption (see,
e.g., [56,57]). However, because the model is not designed to
estimate concentrations in specific organs, it is best applied in
situations when the mass or concentration of the chemical in
the whole organism is of interest. Internal PBPK models are
more suitable to estimate the differences in concentration be-
tween various parts of the organism. Second, it is assumed
that the organism can be described as a single compartment
in terms of its exchange with its surrounding environment.
Many studies can be quoted to support this (see, e.g., [9]). The
one-compartment model for an organism is best applied in
situations when variations in concentration over time are rel-
atively slow or of secondary concern. A third assumption of
the model concerns the chemical elimination via egg deposi-
tion or sperm ejection. Studies in fish have shown that lipid-
normalized concentrations of many persistent organic chem-
icals in eggs and adult female fish are equal (see, e.g., [57]).
This implies that whereas egg deposition transfers a significant
fraction of the chemical body burden from the adult female
fish into the eggs, the lipid equivalent concentration within the
organism remains the same. The mechanism in the model by
which egg deposition can lower the internal concentration in
the organism compared to fish that do not produce eggs (see,
e.g., for male fish, [58]) is through growth dilution associated
with the formation of eggs in the fish. Growing eggs produce
extra tissue in which the chemical resides, hence reducing the
chemical’s concentration. However, Equation 1 illustrates that
this growth dilution effect is counteracted by uptake of chem-
ical from both water and the diet and that the balance of these
processes controls the ultimate concentration in the organism.

The practical application of Equation 1 to problems of en-
vironmental pollution typically is limited by access to time-
dependent model input parameter values. Hence, for the model
to become useful, it often needs to be further simplified by
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applying a steady-state assumption (dMB/dt 5 0), resulting in

C 5 k · (m ·f ·C 1 m ·C ) 1 k · P ·COB 1 O WT,O P WD,S D i D,i5 6
/ (k 1 k 1 k 1 k ) (2)2 E G M

where CB is the chemical concentration in the organism (g/kg
ww; i.e., MB/WB). The BAF is then CB/CWT,O, and the wet
weight–based BSAF (BSAFW) is CB/CS, where CS is the con-
centration (g/kg dry sediment) in the bottom sediment. The
steady-state assumption is reasonable for applications to field
situations in which organisms have been exposed to the chem-
ical over a long period of time, often throughout their entire
life. It applies best to chemicals that are subject to relatively
fast exchange kinetics (e.g., lower-KOW substances, small or-
ganisms), because steady-state is achieved rapidly in these
situations. It should be used with caution when the exchange
kinetics are relatively slow (e.g., slowly metabolizable chem-
icals of high KOW [i.e., .107.5] in large, lipid-rich organisms),
because steady state takes a long time to achieve. When chang-
es in concentrations with the age of the organism are of interest,
it is possible to introduce various age classes of the species
and then apply the steady-state model to each age class in-
dependently. One of the implications of applying a steady-state
assumption is that the growth of the organism needs to be ex-
pressed as a growth rate constant kG, which is dWB/(WB · dt)
and assumes that over the period of time during which the
model applies, the growth of the organism can be represented
by a constant fraction of the organism’s body weight. The main
driving forces of the kinetic bioaccumulation model are the
chemical partitioning of chemical between water and the or-
ganism, represented by k1/k2; the dietary digestion of the prey
and subsequent partitioning of chemical between the gastro-
intestinal tract (GIT) and the organism, represented by kD/kE;
metabolic transformation; and growth dilution.

Phase partitioning

The partitioning of organic chemicals between biological
organisms and water is believed to occur into lipid, nonlipid
organic matter (NLOM; e.g., proteins and carbohydrates), and
water. Each of these media has its own capacity to sorb and
store the chemical. Hence, for every organism, we define an
organism–water partition coefficient (KBW) on a wet weight
basis as

K 5 k /k 5 v ·K 1 v ·b ·K 1 v (3)BW 1 2 LB OW NB OW WB

where vLB is the lipid fraction (kg lipid/kg organism ww), vNB

is the NLOM fraction (kg NLOM/kg organism ww), vWB is
the water content (kg water/kg organism ww) of the organism,
and b is a proportionality constant expressing the sorption
capacity of NLOM to that of octanol. Based on previous work
[53], a value of approximately 0.035 is a reasonable first es-
timate of b; however, further research is required to better
characterize b. This suggests that the nonionic organic chem-
ical sorption affinity of NLOM is approximately 3.5% that of
octanol. Whereas the sorption affinity of NLOM is low com-
pared to that of lipid, it can play an important role in controlling
the partitioning of organic chemicals in organisms with low-
lipid content (e.g., phytoplankton, algae, certain invertebrates).
Good databases exist (see, e.g., [59]) to parameterize the three-
phase partitioning model, especially for fish, crustaceans, and
shellfish consumed by humans.

Submodels

To estimate k1, k2, kE, kM, kG, and f for different chemicals
in aquatic organisms of food webs, we propose the following
submodels.

f. Hydrophobic organic contaminants have a high affinity
for organic matter, such as particulate organic carbon (POC)
and dissolved organic carbon (DOC) in the water column
[16,60,61]. If associated with particulate or dissolved organic
matter, the chemical is believed to be unavailable for uptake
via diffusion into organisms. Therefore, f is the ratio of the
freely dissolved water concentration CWD,O (g/L) to the total
water concentration CWT,O (g/L) in the overlying water. In the
absence of reliable empirical data, f can be estimated for
nonionizing HOCs as

f 5 C /CWD WT

5 1/(1 1 x ·D ·a ·K 1 x ·D ·a ·K )POC POC POC OW DOC DOC DOC OW

(4)

where xPOC and xDOC are the concentrations of POC and DOC
in the water (kg/L), respectively; DPOC and DDOC are the dis-
equilibrium factors for POC and DOC partitioning, respec-
tively, and represent the degree to which POC–water and
DOC–water distribution coefficients vary from POC–water
and DOC–water equilibrium partition coefficients; and aPOC

and aDOC are proportionality constants describing the similarity
in phase partitioning of POC and DOC, respectively, in relation
to that of octanol. Disequilibrium factors for POC partitioning
or DDOC values greater than 1.0 indicate distribution coeffi-
cients in excess of equilibrium partition coefficients, whereas
values less than 1.0 represent conditions in which equilibrium
has not been reached. Disequilibrium factors for POC parti-
tioning and DDOC values equal to 1.0 represent equilibrium
partitioning. Disequilibria between organic carbon and water
have been observed for a range of organic chemicals (including
polychlorinated biphenyls, polycyclic aromatic hydrocarbons,
and chlorobenzenes) in several ecosystems (see, e.g., [54]),
but their values remain difficult to predict at this point. The
proportionality constants aPOC and aDOC can vary substantially
among different types of organic carbon. Based on a literature
survey, Seth et al. [62] suggested that aPOC can be estimated
as 0.35 (with error bars equivalent to a factor of 2.5) for
chemicals that range in log KOW from 1.5 to 7.5. Burkhard
[63] has suggested that aDOC can be estimated as 0.08, with a
similar magnitude of variability. Differences in composition
of DOC and POC (especially when soot carbon is involved;
see, e.g., [64,65]) likely play a key role. When reliable mea-
sured POC and DOC distribution coefficients are available, it
therefore often is preferable to use the empirical data to rep-
resent the distribution coefficients DPOC · aPOC · KOW and DDOC

· aDOC · KOW in Equation 4.
k1 and k2. The rate at which chemicals are absorbed from

the water via the respiratory surface (e.g., gills and skin) is
expressed by the aqueous uptake clearance rate constant k1 (L/
kg · d). In fish, invertebrates, and zooplankton, it can be viewed
as a function of the ventilation rate GV (L/d) and the diffusion rate
of the chemical across the respiratory surface area [18,44]:

k 5 E · G /W1 W V B (5)

where EW is the gill chemical uptake efficiency and WB is the
wet weight of the organism (kg). The EW is a function of the
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KOW of the chemical and can be approximated based on ob-
servations in fish by [66]:

21E 5 (1.85 1 (155/K ))W OW (6)

In many cases, GV or a related measure (i.e., oxygen con-
sumption rate) can be obtained from literature sources. Good
databases exist for fish (see, e.g., [55]). Similar data are less
accessible for invertebrates. In the absence of good-quality
data, GV can be approximated from an allometric relationship
between wet weight and oxygen consumption. For example,
based on 3,573 observations under routine metabolic test con-
ditions from approximately 200 different fish species ranging
in weight between 2.0 3 1025 and 60 kg, oxygen consumption
VOX (mg O2/d) can be estimated [55] (r2 5 0.84) as

0.65V 5 980 · WOX B (7)

Adding oxygen consumption rate and GV data for zoo-
plankton and aquatic invertebrate species (SETAC Supple-
mental Data Archive S.1) produces only a slight modification
to this equation, suggesting that a single linear relationship
provides a reasonable model for ventilation rates in zooplank-
ton, invertebrate, and fish species:

0.65G 5 1,400 · W /CV B OX (8)

where COX is the dissolved oxygen concentration (mg O2/L)
and a function of temperature [67] as

C 5 (20.24 · T 1 14.04) · SOX (9)

where T is water temperature (8C) and S is the degree of oxygen
saturation of the water column (%). Because the relationship
is derived from oxygen consumption directly, it is not nec-
essary to include an oxygen uptake efficiency [55].

For algae, phytoplankton, and aquatic macrophytes, we pro-
pose a biphasic relationship for k1 and k2 based on a water–
organic carbon two-phase resistance model:

21k 5 (A 1 (B/K ))1 OW (10)

where A and B are constants (with units of time) describing
the resistance to chemical uptake through, respectively, the
aqueous and organic phases of the algae, phytoplankton, or
macrophyte. To obtain reasonable values for A and B for phy-
toplankton, we evaluated several datasets. Constant B (default
value 5 5.5) is derived by calibration to empirical k2 values
from various phytoplankton, algae, and cyanobacteria species
over a range of KOW values [68–71] (SETAC Supplemental
Data Archive S.2). Constant A (default value 5 6.0 3 1025)
is derived from calibration to phytoplankton field-BCF data
from the Great Lakes [37,54] such that kG begins to control
the BCF for chemicals with a log KOW larger than 6.0. A mean
annual kG value of 0.08 d21 is selected from the same empirical
data in which slow-growth conditions (winter) were 0.03 d21

and active-growth conditions (summer) were 0.13 d21 [37].
The elimination rate constant k2 (d21) is closely related to

k1, because both k1 and k2 involve the same processes of water
ventilation and membrane permeation. The k2 is determined
as k1/KBW. This also applies to phytoplankton. However, in the
calculation of the phytoplankton–water partition coefficient
(KPW), NLOM in Equation 3 is replaced by nonlipid organic
carbon (kg/kg organism ww) with a proportionality constant
of 0.35 (i.e., KPW 5 vLP · KOW 1 vNP · 0.35 · KOW 1 vWP). Since
the BAF is a function of the ratio of k1 and k2, errors in the
exact determination of GV and EW typically have a minor effect
on the BAF, because errors in k1 will cancel out similar errors

in k2. This makes the model relatively insensitive to param-
eterization error in GV and EW and allows a single equation
to represent ventilation rates and uptake efficiencies in a range
of species. The partitioning properties of the chemical, rep-
resented by KBW, play a more important role. This is reason-
able, because the main roles of k1 and k2 are to describe how
quickly or slowly equilibrium partitioning in the organism will
be achieved. The model is most sensitive to k1 and k2 for
substances that are absorbed from water and food in compa-
rable amounts and/or that are eliminated by gill ventilation at
rates comparable to the combined elimination rate of fecal
egestion, metabolic transformation, and growth dilution.

mO and mP. Organisms that are in close contact with the
bottom sediments, such as benthic fish and invertebrates, can
exchange chemicals with the pore water. Freely dissolved
chemical concentrations in pore water can exceed the overlying
water concentrations as a result of sediment–water disequilib-
ria, which can be very large under certain conditions (see, e.g.,
[43]). In many cases, benthic fish and invertebrates do not
ventilate a large amount of pore water because of poor oxygen
concentrations and low food content. Although pore-water
ventilation may be small, it can have a large effect on the BAF
for chemicals that are at large sediment–water column dis-
equilibria. In most cases, values for mP are equal to or less
than 5% (see, e.g., [72]). For organisms that have no direct
contact with the pore water, mP is zero. In all cases, mO equals
1 2 mP.

CWD,P. Freely dissolved chemical concentrations in pore wa-
ter can be estimated from the chemical concentration in the
sediment [73] as

C 5 C /KWD,P S,OC OC (11)

where CWD,P is the freely dissolved chemical concentration in
the pore water (g/L), CS,OC is the chemical concentration in
the sediment normalized for organic carbon content (g/kg or-
ganic carbon), and KOC is the organic carbon–water partition
coefficient (L/kg organic carbon).

kD and kE. The rate at which chemicals are absorbed from
the diet via the GIT is expressed by the dietary uptake clearance
rate constant kD (kg food/kg organism · d) and is a function of
the dietary chemical transfer efficiency ED, the feeding rate GD

(kg/d), and the weight of the organism WB (kg) [44]:

k 5 E · G /WD D D B (12)

Empirical ED observations are highly variable in aquatic
invertebrates, ranging between 0 and 100% in amphipods, mol-
lusks, oligochaetes, snails, clams, and bivalves [27,34,74–79]
and between 0 and 90% in fish [52,75,80–83]. Explanations
have been proposed for the variations in ED, including differ-
ences among the sorption coefficient of chemicals in dietary
matrices, composition of dietary matrices (e.g., organic carbon
and soot carbon content), digestibility of the dietary matrix,
metabolic transformation, steric hindrance in gut membrane
permeation, experimental artifacts, differences in gut mor-
phology, and variability in food digestion between different
species. Because of the large variability in the empirical data,
it is difficult to develop accurate models for the dietary uptake
rate. However, some notable trends in the ED data can provide
guidance in model development. First, several authors have
observed a reduction in dietary uptake efficiency with increas-
ing KOW for high-KOW chemicals in invertebrates [75,76] and
fish [75,80]. Second, the average dietary chemical transfer
efficiency (ED) for chemicals with a log KOW of between four
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and six is approximately 50% in aquatic invertebrates and fish
that were fed continuously. These trends are consistent with
a two-phase resistance model for gut–organism exchange,
which is further documented elsewhere [66,80]. The following
equation based on the lipid–water two-phase resistance model
was selected to represent the relationship between dietary
chemical absorption efficiencies and KOW (SETAC Supple-
mental Data Archive S.3):

27 21E 5 (3.0 3 10 · K 1 2.0)D OW (13)

Empirical data concerning feeding rates of different organ-
isms are often available. The use of such data in the model is
preferable, but caution should be exercised to consider the
energetic content of the food and select growth rates that are
consistent with the energy intake of the organism. In the ab-
sence of relevant empirical feeding rates, we suggest a general
bioenergetic relationship based on studies in trout [84] for
estimating feeding rates in coldwater fish species. In some
cases, this equation can also be used to estimate feeding rates
in zooplankton and aquatic invertebrate species (as demon-
strated in the SETAC Supplemental Data Archive S.1):

0.85G 5 0.022 · W · exp(0.06·T )D B (14)

Filter-feeding species have a distinct mechanism of dietary
uptake that can be represented by a modifying Equation 14
[34] to

G 5 G · C · sD V SS (15)

where the feeding rate is a product of gill ventilation rate GV

(L/d), the concentration of suspended solids CSS (kg/L), and
the scavenging efficiency of particles s (%) absorbed from the
water.

The rate at which chemicals are eliminated by the egestion
of fecal matter can be expressed by the fecal elimination rate
constant kE (d21) [52]:

k 5 G · E · K /WE F D GB B (16)

where GF (kg feces/kg organism · d) is the fecal egestion rate
and KGB is the partition coefficient of the chemical between
the GIT and the organism. The GF is a function of the feeding
rate and the digestibility of the diet, which in turn is a function
of the composition of the diet according to

G 5 {(1 2 « ) ·v ) 1 (1 2 « ) ·v 1 (1 2 « ) ·v } ·GF L LD N ND W WD D

(17)

where «L, «N, and «W are the dietary assimilation efficiencies
of lipid, NLOM, and water, respectively, and vLD, vND, and vWD

are the overall lipid, NLOM, and water contents of the diet,
respectively. In fish, the assimilation efficiencies of lipid and
NLOM are approximately 92% and 60%, respectively [53,83].
Dietary assimilation efficiencies for invertebrates range from
15 to 96% [75,85–87]. In general, these efficiencies are a re-
flection of the dietary matrix (e.g., organic matter quantity and
quality) and of the digestive physiology of the organism (e.g.,
feeding rates and gut retention time). Species with low assim-
ilation efficiencies (e.g., worms) typically feed on poor-quality
substrate (e.g., sediment or detritus) but maintain high feeding
rates to obtain required nutrients for energy budgets and sur-
vival. A value of 75% is suggested for lipid and NLOM as-
similation efficiencies in aquatic invertebrates. In zooplankton,
assimilation efficiencies for organic matter range from 55 to
85% [88], whereas carbon and phosphorus assimilation are

measured at approximately 85% [89]. A value of 72% is as-
sumed for lipid and NLOM assimilation efficiencies in zoo-
plankton. Water assimilation varies between freshwater and
marine organisms as a result of their distinct requirements for
osmoregulatory balance. Because water is not a significant
contributor to the storage capacity of HOCs, its value has a
negligible impact on the mechanism of biomagnification for
these chemicals. The water assimilation efficiency for all fresh-
water species is assumed to be 25%.

KGB. The partition coefficient of the chemical between the
contents of the GIT and the organism expresses the change in
phase partitioning properties that occurs as a result of digestion
of the diet after ingestion. It can be estimated as

K 5 (v ·K 1 v ·b ·K 1 v )GB LG OW NG OW WG

/ (v ·K 1 v ·b ·K 1 v ) (18)LB OW NB OW WB

where vLG, vNG,, and vWG are the lipid (kg lipid/kg digesta ww),
NLOM (kg NLOM/kg digesta ww), and water (kg water/kg
digesta ww) contents, respectively, in the gut. The sum of these
fractions (i.e., total digesta) approach one and are dependent on
the assimilation efficiency for each component of the diet as

v 5 (1 2 « ) ·v /[(1 2 « ) ·v 1 (1 2 « ) ·vLG L LD L LD N ND

1 (1 2 « ) ·v ] (19)W WD

v 5 (1 2 « ) ·v /[(1 2 « ) ·v 1 (1 2 « ) ·vNG N ND L LD N ND

1 (1 2 « ) ·v ] (20)W WD

v 5 (1 2 « ) ·v /[(1 2 « ) ·v 1 (1 2 « ) ·vWG W WD L LD N ND

1 (1 2 « ) ·v ] (21)W WD

Because the bioaccumulation model (Eqn. 2) is based on
the ratio of kD to kE, which is GD /(GF · KGB), the model pa-
rameterization errors for the feeding rate GD (and, hence, GF;
see Eqn. 17) and the dietary uptake efficiency ED tend to cancel
out to a significant extent. Hence, the model can be expected
to provide reasonable estimates of the BAF even if GD and ED

are not characterized accurately. This is an attractive feature
of the model, because the variability and error in GD and ED

are often large. For higher-KOW chemicals that are predomi-
nantly absorbed via the diet, the BAF model is more sensitive
to diet digestion and, hence, to the composition of the diet
and the absorption efficiencies of lipid and NLOM. Error and
natural variability occur in these parameters as well, but the
magnitude of the error and variability in these parameters is
often substantially smaller than that in GD and ED.

kG. In many cases, reliable data for the growth rate of or-
ganisms are available. Growth rates vary considerably among
species but also within species as a function of size, temper-
ature, prey availability and quality, and other factors. In the
absence of the required data, the following generalized growth
equations from Thomann et al. [43] provide a reasonable ap-
proximation for the growth rate constant of aquatic organisms
kG (d21):

20.2k 5 0.0005·W for temperatures around 108C (22)G B

20.2k 5 0.00251·W for temperatures around 258C (23)G B

kM. The rate at which a parent compound can be eliminated
via metabolic transformation is represented by the metabolic
transformation rate constant kM (d21). This process is chemical
and species dependent, and empirical data regarding kM are
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Table 1. Summary of site-specific model input parameters, units, and their sourcea

Definition Parameter Units Lake Ontario Lake Erie Lake St. Clair

Chemical concentration in water (total) CWT g/L [93] [94] [95]
Chemical concentration in water (dissolved) CWD g/L (CWT)/(1 1 [0.5 · aDOC · KOW · xDOC]) [95]
Chemical concentration in sediment CS g/kg [93] [94] [95]
Concentration of suspended solids in water
Octanol–water partition coefficient
Weight of biota

CSS

KOW

WB

g/L
Unitless
kg

N/A [93]
[96,97]
Table S.5

4.0 3 1025 [94]
[96,97]
Table S.5

5.0 3 1025

[96,97]
Table S.5

Lipid fraction in biota (B) and phytoplankton (P)
Nonlipid organic matter fraction in biota (B)
Nonlipid organic carbon fraction in phytoplankton (P)

vLB, vLP

vNB

vNP

kg/kg
kg/kg
kg/kg

Table S.5
Table S.5
Table S.5

Table S.5
Table S.5
Table S.5

Table S.5
Table S.5
Table S.5

Fraction of overlying and pore water respired by benthic
organisms

mO, mP % Table S.6 Table S.6 Table S.6

Mean annual water temperature
Dissolved oxygen saturation
Concentration of particulate organic carbon
Concentration of dissolved organic carbon

T
S
xPOC

xDOC

8C
%
kg/L
kg/L

8 [42]
85 (Estimated)
N/A
2.0 3 1026 [93]

13 [94]
90 (Estimated)
N/A
2.2 3 1026 [94]

13 (Estimated)
95 (Estimated)
N/A
N/A

Disequilibrium factor POC
Disequilibrium factor DOC
POC–octanol proportionality constant
DOC–octanol proportionality constant

DPOC

DDOC

aPOC

aDOC

Unitless
Unitless
Unitless
Unitless

N/A
N/A
0.35 [62]
0.08 [63]

N/A
N/A
0.35 [62]
0.08 [63]

N/A
N/A
0.35 [62]
0.08 [63]

a All study locations are in North America. DOC 5 dissolved organic carbon; N/A 5 not applicable; POC 5 particulate organic carbon.

often lacking. Methods for estimating these rates are suggested
elsewhere [46,90,91]. In the present study, we apply the model
to nonmetabolizable substances and can assume kM to be zero.

A complete list of the site-specific model input parameters,
their units, and their definitions is provided in Table 1. Table
2 provides a summary of other model parameters.

Model application

Aquatic food webs include many complex relationships and
may involve a very large number of organisms. Therefore, it
rarely is possible to include all organisms in the model and to
recognize all feeding relationships that exist. To describe con-
taminant movement in food webs, we propose an approach
whereby seven trophic guilds (i.e., algae, phytoplankton, and
macrophytes; zooplankton and small pelagic invertebrates;
benthic invertebrates; water-column filter feeders; small ju-
venile, medium-sized, and larger upper-trophic-level fish) are
recognized. In the model, each trophic guild is represented by
at least one organism (e.g., benthic invertebrates may be rep-
resented by the mayfly). When actual diet compositions (from
measurements or literature surveys) are translated into model
input parameters, prey items of an organism consisting of ben-
thic invertebrates can be represented by mayflies even though
an organism may prey on a larger range of benthic invertebrate
species. For example, an organism may prey on gammarus and
mayflies, but mayflies could represent its diet in the model.
Clearly, these generalizations should be done with care and
consideration of the feeding behavior of the species in the
model. However, when this can be achieved, the model can
be kept relatively simple using a minimum of species and
minimal input parameters. This approach may also be useful
in the development of field studies to support the model. Field
sampling of biological organisms is often limited by available
methods for species collection as well as by analytical costs.
If the model is applied to follow changes in the BAF as a
function of age of the fish, several age classes of fish can be
introduced as independent species in the model. After a rea-
sonable number of species are included in the model, it is
possible to use the equations described above to make cal-
culations of the chemical concentrations in these organisms as
well as of the BAFs and BSAFs. If the food web is relatively

straightforward, with higher-trophic-level organisms feeding
on lower-trophic-level organisms, this can be done by simply
conducting the calculations for the phytoplankton first and then
for the zooplankton, filter feeders, invertebrates, juvenile/small
fish, medium-size fish, and upper-trophic-level fish last. If this
is not possible, such as those cases in which scavenging (e.g.,
lower-trophic-level organisms feeding on a higher-trophic-lev-
el organism) and/or cannibalism occur, a matrix solution of
the model equations could be used. This method has been
described in more detail by Campfens and Mackay [45] and
can be carried out in Excelt spreadsheets (Microsoft, Red-
mond, WA, USA).

An important consideration in any model prediction is the
uncertainty or error that can be expected in the model output
(i.e., BAF or BSAF). One method to assess error is through
the application of Monte Carlo simulations. This method as-
sesses the impact of variations in model parameter values in
terms of a variation in the model output. A number of authors
have applied these techniques to food web bioaccumulation
models (see, e.g., [44,92]). This method is particularly useful
in determining the sensitivity of the model output to variability
and error in the model input parameters. However, care should
be taken not to overinterpret these numbers in terms of error
or uncertainty in model predictions, both because error in mod-
el structure is not considered in a Monte Carlo simulation and
because no comparison of the model predictions to an inde-
pendent dataset is made. An alternative method is based on
the comparison of predicted model outcomes and observed
data (e.g., BAF or CB). With a sufficiently large population of
observed BAFs, the degree of similarity between observed and
predicted BAFs can be used to characterize the overall error
of the model. This error includes model and model parame-
terization errors as well as errors and natural variability as-
sociated with the empirical measurements. If these errors can
be established for a number of different food webs, chemical
substances, and databases, the error can be used as a measure
of the model uncertainty in applications for which no empirical
data are available (e.g., when the model is applied to food
webs for which no empirical data exist). In the present study,
we use this second method to evaluate the performance of the
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Table 2. Summary of model parameters, units, and their definitions

Definition Parameter Units

Chemical concentration in biota
Chemical concentration in diet
Freely dissolved chemical concentration in pore water
Bioavailable solute fraction
Gill uptake rate constant
Dietary uptake rate constant

CB

CD

CWD,P

f
k1

kD

g/kg
g/kg
g/L
Unitless
L/kg · d
kg/kg · d

Gill elimination, fecal egestion, growth dilution, and metabolic transformation rate
constants, respectively

k2, kE, kG, kM d21

Biota–water partition coefficient
Phytoplankton–water partition coefficient
Gut–biota partition coefficient

KBW

KPW

KGB

Unitless
Unitless
Unitless

Gill ventilation rate
Feeding and fecal egestion rates, respectively

GV

GD, GF

L/d
kg/d

Efficiency of chemical transfer via gill and intestinal tract EW, ED %
Nonlipid organic matter–octanol proportionality constant b Unitless
Lipid fraction in diet (D) and gut (G)
Nonlipid organic matter fraction in diet (D) and gut (G)

vLD, vLG

vND, vNG

kg/kg
kg/kg

Water fraction in biota (B), diet (D), gut (G), and phytoplankton (P) vWB, vWD, vWG, vWP kg/kg
Dietary absorption efficiency of lipid
Dietary absorption efficiency of nonlipid organic matter

eL

eN

%
%

Dietary absorption efficiency of water
Particle scavenging efficiency
Density of organic carbon in sediment (0.9)
Organic carbon–water partition coefficient

eW

s
dOCS

KOC

%
%
kg/L
L/kg

Dissolved oxygen concentration COX mg O2/L

model, because the outcome of this analysis is useful in the
practical application of the model to contamination problems.

MATERIALS AND METHODS

Evaluation of model performance

Both the revised model described above and the 1993 food
web model were programmed in Excel spreadsheets. Both
models were then parameterized to make predictions of the
BAFs and BSAFs for a range of organochlorines in three fresh-
water lake ecosystems (i.e., Lake Ontario, Lake Erie, and Lake
St. Clair). The model performance was then evaluated by com-
paring predicted BAFs to independent, observed BAFs in these
three lake ecosystems [93–95]. Bioaccumulation factor data
were available for 59 chemicals in eight species for Lake On-
tario (n 5 408), 25 chemicals in 20 species for Lake Erie (n
5 483), and six chemicals in 22 species for Lake St. Clair (n
5 128). The three combined datasets provide 1,019 obser-
vations that were used for model performance evaluation. The
observed BAF data were not used to make the model predic-
tions. To express quantitatively the general model’s perfor-
mance combining the results for all n chemicals in a single
species j, we used the following measure, which we refer to
as the model bias for species j (MBj) [48]:

n [log(BAF /BAF )]P,i O,iO1 2ni51

MB 5 10 (24)j

The overall model bias, combining the results for all n chem-
icals in all m species, is given by

n [log(BAFp,i, j /BAFo,i, j)]O1 2nm i51F GO
mj51

MB 5 10 (25)

where BAFP is the model-predicted BAF, BAFO is the observed
BAF, and the subscripts i and j refer to the number of chemicals
and the number of species, respectively, included in the model
performance evaluation. In essence, MB is the geometric mean

(assuming a log-normal distribution of the ratio BAFP,i,j /BAFO,i,j)
of the ratio of predicted and observed BAFs for all chemicals
in all species for which empirical data were available. The MB
is a measure of the systematic overprediction (MB . 1) or
underprediction (MB , 1) of the model. For example, MB 5
2 indicates that the model in general overpredicts the empirical
data by a factor of two. Conversely, a model bias of 0.5 indicates
that the model underpredicts the observed data by a factor of
two. The 95% confidence intervals of the geometric mean rep-
resent the accuracy of the model.

Because of the log-normal distribution of the ratio of pre-
dicted and observed BAFs, variability can be expressed as a
factor (rather than as a term) of the geometric mean. One of
the key characteristics of MB and its 95% confidence interval
is that it represents all sources of error, including model pa-
rameterization errors, errors in model structure and philosophy,
and also analytical errors in the empirical data (e.g., chemical
concentrations in water, sediment, and biota) as well as natural,
spatial, and temporal variability in the empirical data used for
the model performance. The rationale for using this measure
of model performance is that it is relevant for cases in which
the model is used to make practical estimations of the BAF
for exposure assessment or water-quality criteria development.
In those cases, the 95% confidence intervals represent the
range of BAFs that includes 95% of the observed BAFs. With
caution, the 95% confidence limits can be extrapolated from
one system for which empirical BAFs exist to another system
for which empirical BAFs may not exist.

To explore the impact of each model modification on the
model performance (i.e., MB), we ran the model under six
sequential scenarios as outlined in Table 3. Each scenario ex-
plored one particular model modification by incorporating all
modifications in previous scenarios. In each scenario, the per-
formance of the new model (including the new formulation)
was compared to that of the 1993 model (including the old
formulation). To enable a direct comparison of the new and
old models for a particular model modification, both the new
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Table 3. Model bias in phytoplankton (MBP), zooplankton (MBZ), invertebrates (MBI), and fish (MBF) and the combined model bias for all
species (MBTOT) with its 95% confidence interval of the revised model resulting from specific model modifications in relation to the model bias

of the 1993 modela

Scenario MB Ecosystem revision

Lake Ontario

1993 Revised

Lake Erie

1993 Revised

Lake St. Clair

1993 Revised

1
2
3
4
5
6
7

MBP

MBZ

MBI

MBF1

MBF2

MBF3

MBTOT

Kinetic model applied to phytoplankton
Bioaccumulation model applied to zooplankton
Bioaccumulation model applied to invertebrates
Organism composition model applied to fish
Allometric gill ventilation rate applied to fish
Diet digestion model applied to fish
Overall model comparisonsb

0.15
N/A
1.95
0.45
0.47
0.52
0.86

1.20
N/A
1.04
0.47
0.52
1.00
1.04

(0.13–8.08)

0.12
N/A
0.30
0.34
0.45
0.48
0.16

0.72
N/A
1.13
0.45
0.48
1.05
1.05

(0.24–4.64)

N/A
0.42
0.37
0.25
0.37
0.40
0.17

N/A
1.17
0.92
0.37
0.40
0.71
0.78

(0.08–7.89)

a All study locations are in North America. N/A 5 no empirical data available.
b The p values of normality testing (Shapiro–Wilk) of log-transformed ratios of predicted and observed bioaccumulation factors are 0.064 (Lake

Ontario), 0.439 (Lake Erie), and 0.056 (Lake St. Clair) for the current model and 0.004 (Lake Ontario), 0.47 (Lake Erie), and 0.96 (Lake St.
Clair) for the 1993 model (p . 0.05 indicates log-normal distributions).

and the 1993 model included the model formulation of the
new model tested in the previous scenarios. The MB was cal-
culated using observed data from the relevant compartment of
the food web for each respective scenario (e.g., MBP calculated
using observed phytoplankton data). The first scenario in-
cluded the use of a kinetic model for phytoplankton–water
distribution in the new model compared to the equilibrium
partitioning model used in the 1993 model. The second sce-
nario included the kinetic bioaccumulation model (i.e., Eqn.
1) for zooplankton in the revised model compared to the equi-
librium partitioning model used in the 1993 model. The third
scenario used the kinetic bioaccumulation model to describe
bioaccumulation in aquatic invertebrates in the revised model
compared to the equilibrium partitioning model used to esti-
mate BAFs in the 1993 model. The fourth scenario applied
the new three-phase partitioning model (i.e., Eqn. 3) to fish in
the new model as well as model modifications made as part
of the first three scenarios, whereas the 1993 model only in-
cluded revisions 1 to 3 (i.e., the 1993 phase partitioning model
for fish). The fifth scenario added new allometric relationships
for respiratory ventilation in fish in the new model. The sixth
scenario added the gastrointestinal magnification model for
fish in the new model. In each of these scenarios, the 1993
model included the new model formulations evaluated in the
previous scenarios other than the revision for comparison. For
example, in scenario 6, the revised model predictions for BAFs
in fish included all revisions described in scenarios 1 through
6 (i.e., Eqn. 1 applied for fish), whereas the 1993 model BAFs
in fish were simulated by including revisions described in sce-
narios 1 through 5 only. A final simulation, scenario 7, com-
pared the revised model in its entirety (i.e., revisions 1–6) to
the original 1993 model (i.e., no changes) for all species and
chemicals for which empirical data were available (MB from
Eqn. 25).

Model parameterization

The model requires input parameters to characterize the
chemical substance, relevant environmental conditions, biolog-
ical species-specific characteristics, and food web structure. The
only chemical-specific parameter that is required is KOW. The
KOW values were obtained from Hawker and Connell [96] for
polychlorinated biphenyls and from Mackay and Shiu [97] for
the remaining organochlorines and are summarized in Table S.4
[SETAC Supplemental Data Archive, Item ETC-23-10-002;

http://etc.allenpress.com]. Ecosystem specific-input parameters
are listed in Table 1. Because the empirical studies used for
testing model performance report freely dissolved water rather
than total concentrations in water, several ecosystem parameters
were not needed for the model performance evaluation in the
present study. Species-specific parameters are listed in Table S.5
[SETAC Supplemental Data Archive, Item ETC-23-10-002;
http://etc.allenpress.com]. In this model performance evaluation,
we did not use empirical values for respiratory ventilation, feed-
ing, and growth rates. Instead, these rates were estimated from
organism body weights according to the models explained
above. Food web–specific parameters are listed in Table S.6
[SETAC Supplemental Data Archive, Item ETC-23-10-002;
http://etc.allenpress.com].

RESULTS AND DISCUSSION

Phytoplankton

Figure 2a and Table 3 (scenario 1; MBP) illustrate that use
of a combination of a more detailed phase partitioning model,
which recognizes organic carbon in addition to lipids as an
important medium in which bioaccumulation can occur, and a
kinetic model, which recognizes the growth dynamics of phy-
toplankton, improves MBP for the BAFs in phytoplankton
compared to the 1993 model. Now, 65% of the model-pre-
dicted BAFs (n 5 83) are within a factor of two of the observed
BAFs, and 88% of the model-predicted BAFs are within a
factor of 10 of the observed BAFs. In comparison, only 6%
and 43% of the 1993 model-predicted BAFs are within a factor
of 2 and a factor of 10, respectively, of the observed BAFs.
The apparent improvements in the model’s predictability are
mainly a result of the new model producing greater BAFs than
the lipid–water partitioning model for the lower KOW chemicals
in the 1993 model (because of partitioning in nonlipid organic
carbon) while calculating lower BAFs than the lipid–water
partitioning model for the higher-KOW chemicals (because of
phytoplankton growth).

When comparing model predictions for phytoplankton to
empirical data, it is important to consider the nature of the
phytoplankton samples. Typically, phytoplankton samples are
collected with plankton nets, which can collect a range of
different organisms and materials. In many cases, these phy-
toplankton samples contain zooplankton and other suspended
matter, which can collect chemicals by mechanisms other than
those assumed in the model for phytoplankton. Hence, any
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Fig. 2. An illustrative comparison of model-predicted bioaccumulation factors (BAF) and observed BAFs for (a) phytoplankton, (b) filter feeders,
(c) detritus feeders, and (d) fish species from three freshwater ecosystems (when available). The solid black line represents the ideal fit (model
bias 5 1), the short dashed lines represent a factor of two of the ideal fit, and the long dashed lines represent a factor of 10 of the ideal fit.
YOY 5 young of the year.

apparent failures of the model to predict BAFs in phytoplank-
ton in comparison to observed data should not necessarily be
interpreted entirely as model error. Furthermore, errors in the
prediction of actual concentrations in phytoplankton field sam-
ples may not necessarily prevent the model from making ac-
curate estimates of concentrations in higher-trophic-level or-
ganisms. For example, chemical concentrations in organisms
that feed directly or indirectly on benthos are relatively in-
dependent of concentrations in phytoplankton.

Zooplankton

The effect of using the kinetic bioaccumulation model to
estimate BAFs in zooplankton species could only be assessed
for Lake St. Clair (North America), because the required em-
pirical data for model testing were not available for Lake Ontario
and Lake Erie. Table 3 (scenario 2; MBZ) indicates that appli-
cation of the kinetic bioaccumulation model to zooplankton
improves the MBZ for zooplankton: It changes from 0.42 to
1.17. The improvements are caused by dietary magnification
elevating BAFs above those derived from equilibrium parti-
tioning.

Aquatic invertebrates

Table 3 (scenario 3; MBI) indicates that replacing the equi-
librium partitioning model with the kinetic bioaccumulation
model results in better model predictions, because the MBI for
invertebrates achieves values closer to 1.0 compared to the
1993 model. Figure 2b and c illustrate that the majority of the
kinetic bioaccumulation model predictions for both filter feed-
ers and detritus feeders are within a factor of two of the ob-

served concentrations. For the three ecosystems combined,
60% and 95% of the model-predicted BAFs for nine species
and 64 chemicals (n 5 324) are within, respectively, a factor
of 2 and a factor of 10 of the observed BAFs. In comparison,
only 37% and 89% of model-predicted BAFs are within a
factor of 2 and a factor of 10, respectively, of the observed
data when the equilibrium partitioning model is used.

The revised model more adequately predicts the frequently
observed, apparently parabolic shape of the BSAF–KOW re-
lationship for nonmetabolizable chemicals (SETAC Supple-
mental Data Archive S.7). In the revised model, BSAF in-
creases with increasing hydrophobicity up to a log KOW of
approximately 7 as a result of the increasing contribution of
dietary uptake (compared to uptake from water) and magni-
fication. The BSAFs fall with further elevation of KOW because
of reduced gastrointestinal absorption efficiency, which de-
creases with increasing KOW. Evidence suggests that the bio-
availability of HOCs in sediments can be a function of different
matrices (i.e., soil and organic carbon type) and time
[73,98,99]. The current model does not capture these factors
well. Therefore, the model should be applied with caution in
cases when these factors are important (e.g., polycyclic aro-
matic hydrocarbons associated with soot carbon).

Fish

Figure 2d illustrates by example that when combining data
for all chemicals and all fish (n 5 606), 60% and 98% of the
model-predicted BAFs are within a factor of 2 and a factor of
10, respectively, of the empirical BAFs. In comparison, 19%
and 71% of the BAF estimates fish using the entire 1993 food
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Fig. 3. A comparison of the probability distributions for the combined model bias for all compounds in all species (MBTOT) between the 1993
(dashed curves) and revised (solid curves) food web models for (a) Lake Ontario, (b) Lake Erie, and (c) Lake St. Clair ecosystems (North
America). The MBTOT is log transformed such that ideal fit 5 0 (vertical line).

web model are within a factor of 2 and a factor of 10, re-
spectively, of the observed data. Table 3 (scenario 4; MBF1)
demonstrates that the inclusion of NLOM (vNB) and water con-
tent (vWB) organism composition fractions as potential storage
sites for organic chemicals in fish results in modest increases
in the chemical concentrations in fish and subsequent reduc-
tions in model error. This is most apparent for Lake Erie and
Lake St. Clair, where MBF1 changes from 0.34 to 0.45 and
0.25 to 0.37, respectively. The size and lipid contents for fish
in these ecosystems are generally less than in Lake Ontario,
causing the effect of including the NLOM as a storage com-
partment to be more pronounced. A NLOM content of 20%
contributes the equivalent of approximately 1% of lipid to the
organism. This may be viewed as a small addition to the overall
lipid content in a fish with a 10% lipid content, but it is equiv-
alent to doubling the storage capacity in a fish with a 1% lipid
content.

The new allometric relationship for gill ventilation rates in
fish (scenario 5; MBF2) also results in modest improvements
in model performance as the MBF2 moves closer to unity in
all three ecosystems. The gill ventilation rate is not a partic-
ularly sensitive parameter in the model, because it affects both
the respitory uptake and elimination rates, leaving the BAF
(i.e., the ratio of uptake rate and elimination rates) largely
unaffected. The improvements in the model predictions emerge
from a better characterization of the relationship between the
gill ventilation rate, the dietary uptake rate, and the growth
rate.

The inclusion of a mechanistic gastrointestinal magnifica-
tion model results in the most substantial (i.e., 2- to 3-fold)
improvements in predictions of the BAF (scenario 6; MBF3).
These results suggest that the species- and prey-specific gas-
trointestinal magnification model is preferable over the con-
stant gastrointestinal magnification factor used in the 1993
model.

Model performance

Table 3 demonstrates that each revision to the model de-
scribed in this paper results in incremental reductions in model
error compared to the 1993 model for each part of the food
web in all three food webs studied. The majority of revised
model predictions are within a factor of two of the empirical
data for these compartments (SETAC Supplemental Data Ar-

chive S.8). Figure 3 illustrates that when data for all chemicals
and organisms are combined, the overall model bias, which
measures the systematic error in the BAF calculations, is re-
duced substantially compared to the 1993 model. The revised
food web model produces the largest reductions in overall
model bias for the Lake Erie and Lake St. Clair ecosystems.
The combined model bias for all species (MBTOT) of the new
model is much closer to unity in Lake Erie and Lake St. Clair
and marginally closer to 1.0 in Lake Ontario. In calculating
MBTOT, overpredictions (e.g., for one substance) and under-
predictions (e.g., for another substance) have a tendency to
cancel out; therefore, it is important to consider the confidence
limits of MBTOT, which represent the accuracy of the model
in predicting concentrations or BAFs of an individual sub-
stance. In Figure 3, the accuracy of the model is represented
by the width of the bell plots. Figure 3 illustrates that the
revised model produces improvements in model accuracy over
the 1993 model. Achieving even better model accuracy will
be a challenge, because variability in contaminant concentra-
tions among individuals of sampled populations is high. This
variability is a key factor controlling the model accuracy ex-
pressed by the 95% confidence limits of the MB. It is important
to characterize this source of variability in bioaccumulation
models (because it is real) and to recognize it in exposure and
risk assessments.

The ability to predict organic chemical transfer and distri-
bution provides a useful tool to assess chemical exposure in
organisms of aquatic food webs and in humans who consume
fish products. The described model is relatively simple and
requires only basic information. The observation that the mod-
el performance is comparable among different food webs
builds confidence in its ability to be a reliable tool for exposure
assessment of nonionizing hydrophobic organic chemicals
with a log KOW from 1 to approximately 9. However, we stress
that caution should be exercised when the model is applied
beyond its bounds.
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